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Abstract. Wildland fires are expected to become more frequent and severe in many
ecosystems, potentially posing a threat to many sensitive species. We evaluated the effects of a
large, stand-replacement wildfire on three species of pond-breeding amphibians by estimating
changes in occupancy of breeding sites during the three years before and after the fire burned
42 of 83 previously surveyed wetlands. Annual occupancy and colonization for each species
was estimated using recently developed models that incorporate detection probabilities to
provide unbiased parameter estimates. We did not find negative effects of the fire on the
occupancy or colonization rates of the long-toed salamander (Ambystoma macrodactylum).
Instead, its occupancy was higher across the study area after the fire, possibly in response to a
large snowpack that may have facilitated colonization of unoccupied wetlands. Naı̈ve data
(uncorrected for detection probability) for the Columbia spotted frog (Rana luteiventris)
initially led to the conclusion of increased occupancy and colonization in wetlands that
burned. After accounting for temporal and spatial variation in detection probabilities,
however, it was evident that these parameters were relatively stable in both areas before and
after the fire. We found a similar discrepancy between naı̈ve and estimated occupancy of A.
macrodactylum that resulted from different detection probabilities in burned and control
wetlands. The boreal toad (Bufo boreas) was not found breeding in the area prior to the fire
but colonized several wetlands the year after they burned. Occupancy by B. boreas then
declined during years 2 and 3 following the fire. Our study suggests that the amphibian
populations we studied are resistant to wildfire and that B. boreas may experience short-term
benefits from wildfire. Our data also illustrate how naı̈ve presence–non-detection data can
provide misleading results.
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INTRODUCTION

Population changes after disturbances such as fire

may result from a variety of mechanisms operating at

different temporal and spatial scales. These mechanisms

include direct mortality, colonization and emigration, or

succession-related changes in habitat that affect habitat

suitability and community structure (Romme 1982,

Pease et al. 1989, Andersen and Müller 2000, Smucker

et al. 2005). Alterations to current fire regimes are

expected for many ecosystems as a result of modifica-

tions to historical land uses and climate change (Stocks

et al. 1998, Williams et al. 2001). In western North

America, wildland fires are expected to become more

frequent and severe under future ecosystem conditions

(Fagre et al. 2003, Westerling et al. 2006). These

projections underscore the need for an improved

understanding of the effects of fire on amphibians and

other potentially sensitive species in the region (Pilliod et

al. 2003, Bury 2004).

Amphibians are generally considered an indicator of

ecosystem health because they are sensitive to distur-

bance (e.g., deMaynadier and Hunter 1995, Welsh and

Droege 2001). Indeed, many amphibian species are

negatively affected by a wide range of disturbances such

as fire (Driscoll and Roberts 1997, Gamradt and Kats

1997, Hossack et al. 2006a), and habitat change or loss is

the leading identified cause of amphibian decline (Corn

2000, Stuart et al. 2004). However, as with numerous

other animals (Cunningham et al. 2002, Waltz and

Covington 2004, Smucker et al. 2005, Webb et al. 2005),

some amphibians are resistant to periodic disturbance

and may even decline without it (Beebee 1977; Dodd et

al., in press). For example, several amphibian species are

associated with open forest canopy around breeding

wetlands (Skelly et al. 1999, Werner and Glennemeier

1999, Halverson et al. 2003), and diverse amphibian

assemblages in longleaf pine (Pinus palustris) forests in

the southeast United States are maintained by frequent

ground fires (Means and Campbell 1981, Russell et al.

1999). For species such as these, the prolonged absence

of natural disturbance may have effects similar to direct

habitat loss.

Local colonization and extinction processes drive

changes in distribution, often in response to natural
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disturbances (Petranka et al. 2004, Crisafulli et al. 2005,

Smucker et al. 2005). Disturbance and forest fragmen-
tation also frequently affects movement by amphibians
(Chan-McLeod 2003, Vasconcelos and Calhoun 2004).

Preference for closed canopy forests could conceivably
increase emigration away from burned areas into
neighboring unburned forest. Conversely, removal of

vegetation may inhibit movement by some species and
reduce opportunities for colonization, potentially affect-
ing patterns of occupancy or gene flow (e.g., Donovan et

al. 1995, Schwartz et al. 2002). Responses by amphibians
to wildfire are likely to be species specific and dependant
on habitat and population status, and thus not easily

predicted. Furthermore, because large wildfires are more
likely to occur during prolonged droughts (Pederson et
al. 2006, Westerling et al. 2006), amphibian populations

may already be stressed when fires occur.
Most research on the effects of fire on amphibians has

focused on low-severity fires, often as prescribed burns

that are used for management of vegetation (Russell et
al. 1999, Lemckert et al. 2004). There is little informa-
tion on the effects of more severe stand-replacement fires

in temperate forests (Pilliod et al. 2003, Bury 2004),
because these types of fires are an infrequent event and
are not subject to experimental manipulation or control.
We initiated the present study after a lightning-ignited

wildfire burned an area in western Montana where we

had already conducted three years of wetland surveys

for breeding populations of the long-toed salamander
(Ambystoma macrodactylum), boreal toad (Bufo boreas),
and Columbia spotted frog (Rana luteiventris). The

existence of pre-fire data presented a rare opportunity to
document how wildfire affects pond-breeding amphibi-
ans by comparing patterns in occupancy and coloniza-

tion in burned and control wetlands during the three
years following the fire.

STUDY AREA

The Moose Fire started in August 2001 and burned 42
wetlands in Glacier National Park (hereafter Glacier

NP) we had surveyed previously for amphibian larvae
during 1999–2001 (Fig. 1, Table 1). There was a
comparable number of previously surveyed wetlands

just south of the fire perimeter (n¼41; Fig. 1), effectively
setting up a before-after, control-impact (BACI) study,
where individual wetlands are considered replicates or

subsamples and temporal trends in occupancy of
impacted (burned) wetlands are measured against trends
in the control (unburned) area (Underwood 1992).

The Moose Fire burned ;9830 ha in the park in an
area covered with mixed western larch–lodgepole pine
(Larix occidentalis–Pinus contorta) forests that were

historically replaced by fire every 140–340 years (Barrett
et al. 1991). Due to the naturally long fire intervals, fire

FIG. 1. Location of control and burned
wetlands (solid circles) around the perimeter of
the 2001 Moose Fire (shaded) in Glacier National
Park, Montana, USA. The open triangles desig-
nate the burned wetlands that were colonized by
breeding boreal toads (Bufo boreas) in 2002–
2003. Note that wetlands outside the shaded area
are controls, while those inside are burned.

TABLE 1. Number of wetlands surveyed each year out of 41 control and 42 burned wetlands
surveyed during the study.

Year

Control Burned

No. wetlands
surveyed

Mean no.
surveys per site

No. wetlands
surveyed

Mean no.
surveys per site

1999 18 1.78 9 1.89
2000 38 1.21 36 1.44
2001 14 1.0 19 1.0
2002 41 2.12 38 1.97
2003 33 1.39 39 1.41
2004 34 2.32 38 2.18
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suppression has not greatly altered the natural succes-

sion of forest stands in this area and the Moose Fire was
an average landscape-scale fire relative to previous fires

in the North Fork Flathead valley during the last 400
years (Barrett et al. 1991, Barrett 2002). Typical of

wildfires in this forest type, the Moose Fire varied in
severity, with areas within in the fire perimeter ranging
from unburned to full stand replacement (Barrett et al.

1991).
Forests in the northwest portion of the park are

densely populated with shallow wetlands in depressions
left by receding Pleistocene glaciers (Rabe and Chadde

1994). Most of these wetlands fill from snowmelt in the
spring, support extensive emergent vegetation commu-

nities, and then dry by early August. Consequently,
almost all of our study wetlands were likely dry when the

fire occurred. Visual estimates during 2002–2004 indi-
cated that all wetlands within the fire perimeter were

burned at least partially, with �70% of the perimeter
burned (x¼ 0.82, SD¼ 0.242) on 37 of the 42 wetlands

within the fire perimeter.
Several aerial applications of fire-control chemicals

were made on Camas Ridge (Dennis Divoky, personal
communication; Fig. 1). If the chemicals affected any of

our wetlands, it was only a small number and it was not
evident based upon their water chemistry (B. R.

Hossack et al., unpublished manuscript). Also, Camas
Ridge was the portion of our study area that burned the

most severely.

METHODS

Amphibian sampling

We used visual encounter surveys to assess the use of
wetlands for breeding (indicated by presence or non-

detection of embryos and larvae) by the three species we
studied. Surveys were conducted by searching the

perimeter and shallow (�0.5 m) areas of each wetland,
using dip nets in areas with thick vegetation or where

water clarity was poor (described in Adams et al. 2005).
Many wetlands were sampled twice annually in 1999–

2000 to reduce the probability of failing to detect species
that were present, but only single surveys were
conducted in 2001. We used the same sampling methods

during the three years following the fire, with greater
emphasis on surveying all wetlands at least twice per

year (Table 1). Variation in number of wetlands sampled
after the fire is due partially to wetlands that do not fill

with water every year. A July 2003 wildfire also
prevented us from completing surveys that year.

Wetland surveys were timed to coincide with the
approximate six to eight week period during which

larvae were expected to be present. A wetland was
considered a breeding site only if embryos or larvae were

detected. The 83 wetlands sampled for this study were
generally of similar size (,1.0 ha) and depth (maximum

,1.0 m). Additional wetlands were found after 2001, but
only those that contained water and were surveyed prior

to the fire were included in these analyses.

Statistical analyses

Naı̈ve detection–nondetection data (uncorrected for
variation in detection probability) will usually underes-

timate occupancy and provide biased estimates of
colonization and local extinction rates, because species

are rarely detected perfectly (MacKenzie et al. 2003,
Bailey et al. 2004). To account for variation in detection

and changes in populations over time, we used the
seasonal occupancy and colonization model in PRES-

ENCE 2.0 (MacKenzie et al. 2003) to estimate wetland
occupancy (the probability of reproduction; Ŵ), coloni-

zation (ĉ), and detection probability ( p̂). We chose this
model because our primary interest was in measuring

changes in occupancy in control and burned wetlands
relative to the timing of the fire. We also suspected that

colonization by at least two of the species had increased
after 2001, possibly in response to the fire.

The multi-season model assumes spatial independence
among populations in the sense that wetlands are closed

to changes in occupancy within a season (i.e., occupancy
does not change between surveys within each summer),

but allows for colonization and local extinction between
seasons. Models that explicitly account for the effects of
neighboring populations on changes in occupancy and

vital rates between years have not been developed
(MacKenzie et al. 2006). PRESENCE accommodates

missing data (i.e., sites that were not surveyed some
years) and uses repeated surveys of wetlands to estimate

species-specific detection probabilities and provide
unbiased estimates of occupancy and vital rates. Local

extinction can be derived from estimates of season-
specific occupancy and colonization probabilities ob-

tained with the model parameterization we used
(MacKenzie et al. 2006).

To determine whether the fire affected occupancy and
vital rates, we divided wetlands into control and burned

groups based on whether or not they were within the fire
perimeter. We then found the combination of covariates

that provided the best description of the detection
probability for each species (based on the Akaike

Information Criterion [AIC]). Variation in detection
probability was considered a nuisance parameter; our
goal was to account for possible spatial and temporal

variation in detection probability so that it would not
bias our inferences about occupancy and colonization

probabilities, the parameters of interest. Therefore, we
explored combinations of three detection probability

structures: one that represented possible detection
probability differences among spatial locations (within

or outside the fire), one that estimated separately the
detection probabilities during the first two years of the

study, and one that estimated separately the pre- and
post-fire detection probabilities. We suspected detection

might have been lower during the first two years of the
study because local breeding phenology was not well

known and all observers were new to the area.
Following 2000, we had a high return rate of field

technicians and thus expected higher detection proba-
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bilities in subsequent years. We also suspected that

detection might change as a result of the fire.
Amphibian populations in control and burned wet-

lands may have had different initial occupancy and vital
rates unrelated to the fire; therefore, we attempted to

separate spatial variation, temporal variation, and fire
effects in the analysis by focusing on three covariates:

location (control vs. burned wetlands), time (before vs.
after the fire), and a fire effect term that evaluated the
interaction of location and time (e.g., Underwood 1992).

We also estimated parameters using only an intercept,
which assumes the parameter was constant throughout

the study. If the fire affected the distribution of breeding
populations, it should be evident by greater levels of

support for models that estimate a fire effect.
Each of the three covariates plus the fixed parameters

was fitted in combination to the occupancy and
colonization parameters, resulting in 16 models each

for A. macrodactylum and R. luteiventris (Appendix).
Support for models was measured by Akaike weights

(w). Model-weighted occupancy and colonization pa-
rameters were calculated for burned and control

wetlands, before and after the fire, based on the entire
candidate model set because no model clearly provided

the best representation to either dataset (Burnham and
Anderson 2002). Two of the A. macrodactylum models

had indefinite solutions to the variance–covariance
matrix, indicating that more than one solution was

possible. We retained these models (Appendix) but did
not use the parameter estimates when averaging across
the model set.

We did not detect B. boreas breeding in any wetland
before the fire. Consequently, we only fit the post-fire

data to a model that assumed vital rates were constant
among years. We also had to trim some of the post-fire

data to make the data set more balanced. Specifically,
three wetlands where we collected several water chem-

istry samples (B. R. Hossack et al., unpublished
manuscript) were sampled five to eight times in 2002,

but most other wetlands were only sampled twice, so
sampling events 5–8 were deleted. Deletion of these

sampling events did not alter the detection of occupancy
at any wetland. The data for A. macrodactylum and R.

luteiventris remained unchanged.
We did not assess the effect of wetland characteristics

on occupancy or colonization because a concurrent
study indicated that there were few differences in water

chemistry, temperature, or habitat features of control
and burned wetlands (B. R. Hossack et al., unpublished

manuscript), and because our pre-fire data was usually
too sparse to successfully fit models with habitat
covariates.

RESULTS

Ambystoma macrodactylum

After controlling for spatial variation in detection,
there was no evidence that the fire negatively affected the

distribution of A. macrodactylum. The two best-sup-

ported models (33% of model weights) estimated that

occupancy was approximately constant throughout the

study (Table 2; Appendix). The highest ranked model

that described a fire effect on occupancy received little

support (w ¼ 0.06), and the fire effect coefficient was

positive in that, and all other models, with a fire effect

(Appendix). Averaged across all models, occupancy in

control wetlands was slightly higher than in burned

wetlands before and after the fire (Fig. 1, Table 2).

Models that estimated a fire effect on occupancy

probability produced the highest values (up to 0.96) of

any of the models. In contrast, when occupancy was

described as a constant parameter across all wetlands,

estimated occupancy was only 0.88 and resulted in a

model-averaged estimate for the post-fire, control

wetlands that was lower than the naı̈ve value (obtained

from the subset of control sites only).

The higher occupancy estimates after the fire were

caused by increased colonization in both groups of

wetlands. The positive coefficients for all models that

estimated a fire effect on the colonization rates suggests

that colonization increased more in burned wetlands

after the fire, but the support was weak (combined

weight of ĉ [fire] models¼ 0.31; Table 2, Appendix). In a

post hoc analysis, we investigated the post-fire increase

in colonization by modifying the best-supported model

for A. macrodactylum to estimate colonization rates

separately for each year after the fire (ĉ [location, 2002,

2003, 2004]). We suspected the 2002 data had the largest

influence on the post-fire estimates, because of an

TABLE 2. Model-averaged estimates (and SE) of occupancy
(Ŵ) and colonization (ĉ) for the long-toed salamander
(Ambystoma macrodactylum) and Columbia spotted frog
(Rana luteiventris) in control and burned wetlands, before
(1999–2001) and after (2002–2004) the Moose Fire, and
detection probabilities ( p̂).

Parameter Control Burned

Ambystoma macrodactylum

Ŵ1999–2001 0.89 (0.036) 0.86 (0.040)
W1999–2001 0.82 0.69
Ŵ2002–2004 0.91 (0.028) 0.89 (0.032)
W2002–2004 0.92 0.87
ĉ1999–2001 0.20 (0.131) 0.46 (0.187)
ĉ2002–2004 0.42 (0.165) 0.75 (0.153)
p̂1999-2004 0.89 (0.020) 0.85 (0.026)

Rana luteiventris

Ŵ1999–2001 0.38 (0.057) 0.40 (0.058)
W1999–2001 0.34 0.25
Ŵ2002–2004 0.38 (0.055) 0.40 (0.057)
W2002–2004 0.31 0.37
ĉ1999–2001 0.06 (0.032) 0.06 (0.031)
ĉ2002–2004 0.07 (0.025) 0.08 (0.025)
p̂1999–2000 0.66 (0.084) 0.46 (0.094)
p̂2001–2004 0.84 (0.044) 0.69 (0.050)

Notes: Naı̈ve occupancy (W, uncorrected for detection
probability) is shown along with estimates of the probability
of occupancy, Ŵ, for each combination of time and location.
Detection probability ( p̂) was estimated separately for control
and burned wetlands (1999–2004) for A. macrodactylum, and
for control and burned wetlands during the years 1999–2000
and 2001–2004 for R. luteiventris.
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unusually deep snowpack that year. Therefore, we fit

two additional models that described colonization in

2003 and 2004 as equal (ĉ [location, 2002, 2003–2004]) as

well as a model where all years were equal except 2002 (ĉ
[location, 2002]). Models to estimate colonization

separately for each year could not be fitted to our data.

The trend toward greater occupancy and colonization

in all wetlands during the three years after the fire was

most likely due to the 2002 data (Table 2). The model

that estimated colonization for 2002 separately and all

other years as equal received the most support, although

the greatest difference in AIC value of the three post hoc

colonization models was only 0.91, indicating a lack of

clear support for any particular model (Burnham and

Anderson 2002). The ĉ (location, 2002) model estimated

that all wetlands that were vacant in 2001 were colonized

in 2002.

Rana luteiventris

The fire had no effect on occupancy or colonization

by R. luteiventris. There is considerable model uncer-

tainty, but the model that described occupancy and

colonization as constant parameters received the most

support (Appendix), and model-averaged estimates for

annual occupancy during the three years before and

after the fire were nearly identical (Fig. 2, Table 2). Only

two models had had negative fire-effect coefficients, and

they received a combined model weight of 6%, which is

strong evidence against a negative effect. Model-

averaged estimates show that colonization increased

slightly in all wetlands after the fire even though three of

the top five R. luteiventris models described colonization

as constant over space and time.

The naı̈ve detection data for R. luteiventris suggested a

9% decrease in occupancy in control wetlands and a 50%
increase in burned wetlands after the fire (Table 2),

which could have been interpreted as strong evidence of

a positive fire effect. The naı̈ve data were misleading

because of detection differences between burned and

control wetlands: detection probability of R. luteiventris

was lower in burned wetlands throughout the study, but

showed a more substantial increase at burned wetlands

following the 2000 season. Similarly, naı̈ve detections

alone would have indicated that A. macrodactylum

occupancy increased in burned wetlands by nearly 3

times that of control wetlands (23% vs. 8%, respectively)

because of the larger pre-fire adjustment to occupancy in

the wetlands that eventually burned.

Bufo boreas

Bufo boreas had not been found breeding in either

group of wetlands prior to the Moose Fire. After the

fire, we found evidence of breeding in seven burned

wetlands in 2002, in three burned wetlands in 2003, and

in 0 wetlands in 2004 (Fig. 1). Larvae were never found

in any control wetland. The intercepts-only model fitted

to the post-fire data estimated Ŵ¼ 0.05 (SE¼ 0.035), ĉ¼
0.04 (0.032), and p̂¼0.92 (0.082) for the three years after

the fire. If we make the assumption that there were no

false absences recorded at control wetlands and analyze

the data from the 42 burned wetlands separately,

estimated annual occupancy for burned wetlands during

the three years after the fire was 0.09 (0.037). Much of

the B. boreas breeding activity was concentrated around

one cluster of wetlands, but several other breeding

locations were widespread within the fire perimeter (Fig.

1).

DISCUSSION

We did not find any evidence that suggests that the

Moose Fire negatively affected occupancy or vital rates

of the three amphibians we studied. We expected that

the fire would be most likely to negatively affect A.

macrodactylum, because salamanders are generally more

sensitive to the indirect effects of disturbance than are

anurans (deMaynadier and Hunter 1995). However, we

did not find a reduction in occupancy by A. macro-

dactylum after the fire, even in areas that burned the

most severely. Instead, occupancy increased slightly

throughout the study area in the years following the fire.

Ambystoma macrodactylum may be less vulnerable to

habitat changes than many other salamanders because it

occupies a wide range of habitats in the Northwest and

is found in most fishless ponds even in highly

fragmented landscapes (Monello and Wright 1999, Pearl

et al. 2005). It is likely there was actually an increase in

number of A. macrodactylum breeding sites within the

fire perimeter because trees that fell across temporary

streams created several new wetlands.

Colonization of unoccupied wetlands by A. macro-

dactylum was also not affected by the fire. We consider

FIG. 2. Model-averaged estimates of occupancy probability
(mean 6 SE) for the long-toed salamander (Ambystoma
macrodactylum; squares) and Columbia spotted frog (Rana
luteiventris; circles) in control (open symbols) and burned (solid
symbols) wetlands before and after the August 2001 Moose
Fire.
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estimates of colonization an indirect index of dispersal,

although colonization and extinction patterns may also

reflect intermittent breeding by resident individuals.

Colonization by A. macrodactylum was highest in 2002,

the year with largest snowpack, suggesting that the large

and late-melting snowpack could have facilitated

overland travel and immigration by salamanders. The

comparatively sparse pre-fire data and our inability to

estimate annual colonization rates limit the conclusions

we can make, but the relationship between colonization

and snowpack merits further investigation.

Based on naı̈ve estimates, we had previously conclud-

ed that occupancy by the Columbia spotted frog (R.

luteiventris) increased in wetlands that burned (Hossack

and Corn 2004). After incorporating detection proba-

bilities, it was evident that occupancy was stable

throughout the study area during the three years before

and after the fire. The different conclusions were the

result of lower detection probabilities in burned

wetlands throughout the study. Detection probability

also increased more in burned than in control wetlands,

reducing the difference between the two groups over

time and resulting in an apparent increase in coloniza-

tion and occupancy. We suspect the increased detection

during the study resulted from an improved under-

standing of the local breeding phenology, which resulted

in better timing of surveys, as well as more experienced

field crews. We are not sure why detection differed

between burned and control wetlands for both A.

macrodactylum and R. luteiventris. Schmidt (2005) also

found that detection of amphibians varied among years

and species despite the use of standardized surveys.

These results emphasize the importance of estimating

detection to get unbiased estimates of occupancy and

vital rates, rather than assuming it is equal in

neighboring study areas or over time.

As with A. macrodactylum, there was frequent

colonization and local extinction of R. luteiventris

breeding sites that was unrelated to the fire. The

frequent turnover suggests only a few females oviposited

in most wetlands that we surveyed, and is congruent

with genetic data showing that populations of these and

other amphibian species often encompass more than one

breeding site (Tallmon et al. 2000, Newman and Squire

2001, Funk et al. 2004, 2005). Frequent movement

among closely spaced wetlands is probably more

appropriately viewed as local populations sampling

different portions of the landscape each year rather

than true colonization or extinction events (e.g., Carlson

and Edenhamn 2000, Petranka et al. 2004) and is likely

to increase variation in occupancy over time (Schmidt

2005).

Bufo boreas responded positively to the fire by

colonizing several recently burned wetlands. Nine

burned wetlands were used for breeding during the

two years after the fire in an area where no breeding had

been detected and adults were rarely seen. Reproduction

in burned wetlands seemed to return to pre-fire levels by

the third year after the fire, when numerous males but

few females were seen and we did not find larvae in any

wetland. Oviposition was witnessed at one burned

wetland in 2004 (G. Guscio, personal communication);

however, the egg string was likely consumed or

stranded, because surveys of the site by G. Guscio and

us within one week after oviposition failed to detect eggs

or larvae. Observations of numerous juvenile toads

within the fire perimeter during the years after the fire

suggest there was recruitment from some wetlands.

Bufo boreas larvae were also found the year after the

fire in three additional burned wetlands that were

checked at least once prior to the fire and were dry.

Many of the occupied wetlands were concentrated in the

same area where these previously-dry wetlands were

found to be occupied after the fire. Two of these three

wetlands were used for breeding again in 2006 (when

only previous B. boreas breeding sites were surveyed), so

it is conceivable that we documented an expansion of

breeding effort after the fire, rather than colonization

from outside of our study area. The use of wetlands for

breeding that are available some years but not others

raises questions about how to incorporate changes in

availability of breeding sites or other resources into

monitoring programs. Local populations may be con-

sidered extinct in years when wetlands are dry, but it is

not known whether previous breeders skip breeding

opportunities (e.g., Muths et al. 2006) or migrate to

other available wetlands to breed.

Although the reasons are unclear, wildfire seems to

create favorable conditions for B. boreas, at least in the

short term. Colonization of previously unoccupied

wetlands was repeated after another fire in 2003 in

Glacier National Park that burned just to the south of

our reference area. We found B. boreas breeding in .20

wetlands the year after that wildfire burned an area

where extensive surveys had identified only three

breeding sites between 1999 and 2002 (B. R. Hossack

and P. S. Corn, unpublished data). Hypotheses to explain

the apparent attraction of recently burned habitats

include (1) the terrestrial environment provides more

optimal thermal conditions for juveniles and adults (G.

Guscio and L. Eby, unpublished report to USGS), and

(2) burned wetlands provide better oviposition habitats

(Hossack et al. 2006b). However, we found no differ-

ences in the temperature of burned wetlands that were

used for breeding compared to those that were not used

(B. R. Hossack et al., unpublished manuscript). Bufo

boreas responds favorably to a wide variety of distur-

bances that create or mimic early successional habitats

(Crisafulli et al. 2005, Pearl and Bowerman 2006), which

may indicate that our observations correspond to a

generalized disturbance response. Unless all of the

colonizers in the Crisafulli et al. (2005) and Pearl and

Bowerman (2006) studies and our dataset were first-time

breeders, these data also imply that adult B. boreas may

frequently fill the role of colonizers.
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Our results agree with other studies showing that most

pond-breeding amphibians are resistant to fire, and that

some species benefit from fire (reviewed by Russell et al.

1999, Pilliod et al. 2003). However, we examined the

response of three habitat-generalist amphibians; results

will vary among fires and species, and may differ in areas

that have been managed or where the natural forest

succession has been altered. For example, increased

erosion after wildfires in southern California altered

stream morphology to the detriment of the California

red-legged frog (R. draytonii) but benefited the arroyo

toad (B. californicus), both federally listed endangered

species (Hitchcock et al. 2004, Mendelsohn et al. 2005).

Changes to amphibian populations affected by the 2001

Moose Fire could still occur if juvenile survival is lower

than in areas that did not burn. Studies after other

wildfires are needed to determine if our results are

broadly applicable in the region, and how wildfire

affects the long-term dynamics of amphibian popula-

tions. Better knowledge of effects of fire on amphibians

is required for the development of effective management

policies, especially considering the projections of future

fire scenarios in western forests (Fagre et al. 2003,

Westerling et al. 2006).
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APPENDIX

Summary of the 16 models used to estimate occupancy (Ŵ) and colonization (ĉ) rates for the long-toed salamander (Ambystoma
macrodactylum) and Columbia spotted frog (Rana luteiventris) (Ecological Archives A017-053-A1).
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